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Abstract Recent studies have shown that mercury (Hg) concentrations in tree rings have the potential to
archive historical Hg exposure from local, regional, and global sources. The southeastern United States
has received elevated Hg deposition, yet no studies have evaluated tree ring Hg in this region. Here, we
quantify Hg accumulation and isotopic composition in tree rings collected in Shenandoah National Park,
Virginia. Cores were collected from three individuals of three tree species—white oak (Quercus alba),
northern red oak (Quercus rubra), and pitch pine (Pinus rigida)—within the northern, central, and southern
areas of the Park (n = 27 cores). The cores were analyzed for Hg content in 10‐year increments, with some
cores dating back to the early 1800s. Overall, tree ring Hg concentrations (ranging from below detection to
4.4 ng/g) were similar to other studies and varied between species, with pitch pine having higher
concentrations than the deciduous species. The most notable feature of the tree ring Hg time series was a
peak that occurred during the 1930s through 1950s, coinciding with the use of Hg at a local industrial facility.
Atmospheric modeling indicates that potential emissions from the plant likely had a stronger impact
on the southern region of the Park, consistent with the latitudinal gradient in tree ring Hg concentrations.
Mass‐dependent and mass‐independent fractionation of Hg isotopes suggests contributions from both
regional anthropogenic and local industrial sources during this period. This study demonstrates the potential
usefulness of tree ring dendrochemistry for identifying historical sources of atmospheric Hg exposure.
Plain Language Summary For many years scientists have used tree rings to reconstruct past
climate. Increasingly, tree rings are being used to document the historical exposure of trees to pollutants.
In this study, we cored trees in Shenandoah National Park, Virginia, dated the tree rings, and then measured
the amount of mercury stored within decadal core increments. We were surprised to find that mercury
levels peaked in the 1930s to 1950s, even though global mercury emissions continued to rise throughout the
past century, mostly as a by‐product of energy production. Our findings suggest that the trees were exposed
to a local pollutant source during this earlier time period, perhaps from a nearby industrial plant that
usedmercury in the production of rayon. By examining the chemistry of wood within tree rings, we can get a
clearer picture of when and where human activities have affected air pollution over recent centuries.
1. Introduction
Mercury (Hg) is a pollutant that is highly mobile in the atmosphere, persistent in the environment, and toxic
to both wildlife and humans. Presently, the main source of Hg to the atmosphere is the reemission of
previously deposited Hg found in soils, vegetation, and surface waters, originating from both natural
geogenic and anthropogenic sources (Pacyna et al., 2016; UNEP, 2013). Although historical Hg emissions
and subsequent deposition play a dominant role in shaping current and future Hg cycling, our knowledge
of Hg levels in the environment prior to the 21st century is relatively limited in both space and time.
Here, we investigate historical accumulation of Hg in trees in Shenandoah National Park, Virginia, a
location downwind from coal combustion sources that have impacted air quality throughout the eastern
United States since the time of the Industrial Revolution.





• Tree ring mercury levels in
Shenandoah National Park,
Virginia, were similar to those
measured in other North American
forests
• Tree ring mercury peaked during the
1930s to 1950s, coinciding with
mercury use at an industrial facility
near the southern end of the Park
• Mercury isotopes suggest a local
source at this time, demonstrating
the potential of dendrochemistry to
identify historical sources
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Our current understanding of historical Hg deposition and accumulation is derived from a variety of natural
environmental archives that include ice (Beal et al., 2015; Chellman et al., 2017; Schuster et al., 2002), lake
bottom sediment (Drevnick et al., 2012, and references therein), and peat cores (Biester et al., 2007, and
references therein). Studies conducted in remote locations have been used to estimate “global” atmospheric
Hg levels (Chellman et al., 2017; Colman et al., 1999; Heyvaert et al., 2000; Lamborg et al., 2002; Landers
et al., 2010; Schuster et al., 2002; Yake, 2001); both ice cores and lake sediments indicate an approximately
threefold to fivefold increase in the Northern Hemisphere since the start of industrialization in the late
1800s. Sediment cores have also documented regional atmospheric Hg signals in the Great Lakes region
(Pirrone et al., 1998) and from major fires and volcanic eruptions (Daga et al., 2016). An emerging approach
to reconstruct trends in atmospheric Hg is through the use of dendrochemistry (Clackett et al., 2018; Navratil
et al., 2018; Peckham et al., 2019; Wright et al., 2014). With careful sampling strategies, tree cores may pro-
vide a regionally integrated atmospheric Hg archive while avoiding problems associated with other methods,
such as uncertain geochemical dating of peat (Biester et al., 2007) and diagenetic remobilization in sedi-
ments (Sunderland et al., 2008).
Trace metals become incorporated into woody tissues by three potential pathways: (1) via roots from
soil/groundwater, (2) via foliar translocation, or (3) via absorption through bark into the cambial layer from
the atmosphere (Odabasi et al., 2016). A recent experimental study by Arnold et al. (2018) found that of these
three potential pathways, foliar uptake (via both stomata and cuticles) and subsequent translocation by way
of phloem were the only ones that led to substantial accumulation of Hg in the tree woody tissue. Therefore,
tree ring Hg is thought to be most closely associated with ambient levels of gaseous elemental mercury, since
gaseous elemental mercury is the predominant form of Hg taken up by foliage (Peckham et al., 2019; Rutter
et al., 2011). Radial translocation can have the effect of smearing or otherwise altering Hg time series cap-
tured by tree rings (Arnold et al., 2018), but the observed correspondence between tree ring Hg anomalies
and the timing of local industrial activities (Navratil et al., 2018) and the fact that disparate‐aged trees appear
to agree on the chronological timing of Hg anomalies (Clackett et al., 2018) provide evidence that transloca-
tion may not be significant, at least for the species studied (European larch in Navratil et al., 2018 and white
spruce in Clackett et al., 2018).
Tree rings collected from a remote forest stand in northwestern Canada exhibited a long‐term rise in Hg con-
centrations from 1750 to the present (Clackett et al., 2018), consistent withmodeled trends in global‐scale Hg
concentrations (Horowitz et al., 2014). In the western United States, there was some evidence of industria-
lization era increases in tree ring Hg, along with indications of a regional atmospheric Hg source (i.e., the
California Gold Rush) from several trees (Wright et al., 2014). Meanwhile, other studies have focused on
the impact from local sources, looking at differences in tree core Hg concentrations between contaminated
and reference sites (Siwik et al., 2010) and variations with distance from industrial plants (Jung &Ahn, 2017;
Navratil et al., 2017). Temporal correlations have been documented between tree core Hg concentrations
and trends in anthropogenic emissions based on the number of industries in a region of Turkey (Odabasi
et al., 2016), production from a local metal smelter in the Czech Republic (Hojdová et al., 2011), and chlorine
production rates at a site in France (Maillard et al., 2016). These previous studies suggest that tree ring Hg
concentrations have the potential to archive historical atmospheric Hg exposure from sources at the global,
regional, and local scales.
In the United States, modeling studies have indicated that total Hg deposition is elevated in the Central
Appalachians Mountains (Butler et al., 2007; Corbitt et al., 2011; Gbor et al., 2007), downwind from the
concentration of coal‐fired power plants located in the Ohio River Valley. Bituminous coal production in
the United States, which occurs primarily in the Appalachian Mountains and Midwestern states and is
therefore used as a proxy for regional production, increased steadily from 1880 to 1920 and has since
remained elevated. To date, no studies have evaluated historical Hg exposure through the analysis of
sediment cores or tree rings in this region, despite this being an area of potentially high atmospheric
deposition from regional coal combustion that has been active since the late 1800s.
In the current study, our goals are (1) to chronicle the Hg accumulation in tree rings in ShenandoahNational
Park, Virginia, (2) to determine if there are temporal or spatial trends in Hg accumulation, and (3) to eval-
uate if the observed Hg time series are consistent with exposure to Hg derived from known local to global
sources. Our expectation was that the Hg measured in the tree rings would reflect regional trends in coal
10.1029/2019JG005445Journal of Geophysical Research: Biogeosciences
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combustion, perhaps overlain by similar, long‐term trends in global atmo-
spheric Hg concentrations. The results deviated from this expectation,
however, leading us to explore the viability of a potential local source.




ShenandoahNational Park (SHEN) is located in northwestern Virginia, in
the Blue Ridge physiographic province. SHEN is long and narrow, span-
ning 169 km along the spine of the Blue Ridge Mountains, bookended
by the city of Front Royal to the north and the city of Waynesboro to the
south (Figure 1). Established in 1935, SHEN covers an area of approxi-
mately 800 km2, of which 40% is federally designated wilderness.
Elevations range from 160 m along the Park perimeter up to a maximum
of 1,235 m on the ridge. Overall, SHEN is 95% forested, with oak and oak
hickory forests (65%) and cove hardwood forests (13%) as the major com-
ponents of the landscape (Young et al., 2006). Mercury in biological (Bank
et al., 2005; Eagles‐Smith et al., 2016), atmospheric (Converse et al., 2010,
2014; Kolker et al., 2008), terrestrial (Gunda & Scanlon, 2013; Risch et al.,
2017), and aqueous (Riscassi & Scanlon, 2011, 2013) samples from SHEN
has been evaluated, and each of the corresponding studies has indicated
that current Hg levels in this ecosystem are within the range measured
in natural settings at other U.S. sites.
2.2. Sample Collection
Sampling design was constructed to provide representative spatial
coverage within the Park, with sites clustered in each of the three
Park‐designated districts: North, Central, and South (Figure 1). A priori
selection of species was undertaken with the requirement that the targeted species could be found in each
of these regions. The following three species were sampled: white oak (Quercus alba), northern red
oak (Quercus rubra), and pitch pine (Pinus rigida). Tree coring took place on 4–5 October 2014 along
Skyline Drive (Figure 1) in SHEN. In each region of the Park, we collected three cores per tree from three
individuals of each tree species (3 locations × 3 species × 3 replicate trees × 3 replicate cores/tree = 81 total
cores collected). Of the three replicates that were collected from each tree, one was used for tree ring
cross referencing and dating, one was used for total mercury analysis, and one was used for mercury
isotopic analysis.
All trees chosen for coring were at least 100 m away from a road and were canopy dominant, relatively long‐
lived individuals. Tree cores were collected at breast height using either a 16‐ or 20‐in. Haglof® borer with a
0.2‐in. (5.15‐mm) inner diameter. The borer was cleaned after every coring with 0.5% bromine monochloride
(BrCl) solution and wiped dry with a Kimwipe® to remove Hg from the sampling surface and thereby mini-
mize cross contamination between samples. Tree cores for Hg analysis were placed in plastic straws with
their ends sealed by Teflon® tape, then sealed in double plastic bags. Cores intended for dendrochronological
evaluation were placed in paper straws.
2.3. Laboratory Methods
2.3.1. Dendrochronology and Total Mercury Analysis
The set of 27 cores used for dendrochronological analysis was sent to Rider University where they were
crossdated, a process that involves the assignment of a calendar year to each ring based on the expression
of a common, embedded climate signal affecting growth. Cores were sanded to a final grit using 15‐μm
sandpaper and then measured under a stereomicroscope using a Velmex Tree Ring Measurement Station
with 0.001‐mm accuracy. Crossdating followed standard methods (Speer, 2010), proceeding with visual
crossdating and then statistical verification using the tree ring analysis program COFECHA (Holmes,
Figure 1. Map of tree core sampling sites within the north, central, and
southern regions of Shenandoah National Park (SHEN), Virginia. The
black line running north to south represents the main road in SHEN, skyline
drive, from which sites were accessed.
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1983). For white oaks and northern red oaks, we used a white oak reference chronology collected by Dr.
Ed Cook in SHEN and held in the International Tree Ring Data Bank (ITRDB; https://www.ncdc.noaa.
gov/paleo‐search/study/3012). The ITRDB did not have a pitch pine reference chronology from SHEN so
we used reference chronologies collected from the Virginia piedmont east of SHEN composed of two
other species in the same genus: Shortleaf pine and Virginia pine (Druckenbrod et al., 2018). These cross-
dated cores were then delivered to the University of Virginia (UVa) to guide the dating of cores used for
Hg analysis.
At UVa, the two sets of 27 cores were dried in their straws, cut along the center to increase airflow. This was
done on a clean bench under a HEPA filter, following EPAMethod 1631, Revision E (U.S. EPA, 2002) guide-
lines for sample preparation. When dried, the cores were once again double bagged and stored in a cool, dry,
dark location. Each core for Hg analysis was counted and marked in 10‐year increments independently by
two individuals using an Olympus DF PLAN 1.5X microscope under a HEPA filtered and cross referenced
with the mounted cores from Rider University. The 10‐year increments started in the last full growing sea-
son, 2013, and continued backward in time (e.g., 2013–2004, 2003–1994, and 1993–1984). Each core was cut
in 10‐year increments with a scalpel under the HEPA filter. The scalpel was cleaned between each cutting
with a 0.5% BrCl solution and dried with a Kimwipe. The 10‐year core segments were placed in clean flasks
and weighed. A Teflon sphere was placed on top of the flask to prevent Hg from being introduced from the
surrounding air.
The sample preparation (digestion) procedure for oxidation of Hg in tree core segments followed the
Appendix to EPA Method 1631 (EPA‐821‐R‐01‐013, “Total Mercury in Tissue, Sludge, Sediment, and
Soil”). Core segments were digested in 10ml of a 7:3 ratio HNO₃/H₂SO₄ solution overnight and subsequently
brought to a simmer over 6 hr the next day, after which the cores were completely digested. Two digestion
blanks (only the digestion solution, no core) were included with each batch of 10 core samples and subjected
to identical sample processing steps. After the flasks had cooled, the solutions were transferred into Teflon®
bottles and the volume was brought up to approximately 50 ml by weight with a 1% BrCl solution; exact
weights were recorded for subsequent mass computations. Samples were analyzed using a Tekran 2600
cold‐vapor atomic florescence spectrophotometer according to procedures defined in the U.S. EPA
Method 1631, Revision E (U.S. EPA, 2002). The analytical detection limit was determined to be 0.20 ng/L.
The detection limit for each core is dependent on the mass of each 10‐year section digested; for all cores,
mean weight was 0.22 (±0.15) g, corresponding to amean core detection limit of 0.05 ng/g. Analytical quality
assurance was ensured through the use of system and method blanks (evaluated every ~10 samples), matrix
spikes, matrix spike duplicates, and a Hg standard solution (evaluated within each analytical run) indepen-
dent from the one used for the standard curve.
The mean concentration for system and method blanks (n = 56) was 0.06 (±0.10) ng/L and 0.02
(±0.06) ng/L, respectively. The percent recovery for matrix spikes and duplicates (n = 55) was 91 (±6)%.
All analytical quality assurance metrics were within guidelines established by the U.S. EPA (2002)).
Additionally, digestion blanks and a peach leaf Hg standard (~0.20 g of NIST SRN #1547; 31 ± 7 ng/g) were
used to determine methodological quality assurance. Digestion blanks consistently had concentrations
above the detection limit (mean of 56 digestion blanks = 0.94 (±0.83) ng/L; corresponding to the average
weight of the core samples (0.22 g), the blank concentration would be equivalent to 0.21 (±0.04) ng Hg
per g core. As a result, digestion blank concentrations were subtracted from Hg concentrations in the
associated batch (two digestion blanks were run for every ~10 samples) to account for the low‐level
contamination introduced during the digestion process. The average recovery for the peach leaf Hg
standards (n = 34), used to verify method accuracy, was 90 ± 13%. The mass of Hg in each section of core
was calculated by multiplying the measured sample solution concentration (ng/L) by the total volume of
the digestion solution (L). The concentration of Hg in the core section was then calculated by dividing the
mass of Hg in the core section (ng) by the core section mass (g).
2.3.2. Mercury Isotopic Analysis
Tree core segments were aggregated to provide adequate Hg mass for isotope analysis. Guided by the Hg
mass and concentration results, the period of record was divided into three time frames to investigate the
influence of local industrial and broader regional anthropogenic Hg emissions on observed tree ring Hg
accumulation patterns: pre‐1929, 1929–1950 (encompassing the known years of Hg use at the DuPont
factory in Waynesboro, Virginia), and 1951–2014 (encompassing the modern era).
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Sample Hg extraction and preconcentration methods for isotopic analysis are detailed within the supporting
information (Text S1). In brief, bole wood Hg was extracted by two‐stage combustion with inline trapping of
released Hg in order to minimizematrix interferences and concentrate Hg for isotope analysis (Demers et al.,
2013). Off‐line combustion performance was monitored with procedural blanks and by percent recovery of
reference materials. Average procedural blanks were 0.004 ng/g Hg (±0.001 ng/g, 1SD, n = 4), representing
1.6% (±0.5%, 1SD, n = 9) of sample Hg mass. We combusted NIST SRM 1515 (Apple Leaves, 44 ± 4 ng/g)
with recoveries ranging from 95.1% to 96.2% (n= 2) and NIST SRM 1575a (Pine Needles, 39.9 ± 7 ng/g) with
recovery of 108.6% (n = 1), all well within certified values. Combustion solutions were further concentrated
using large‐scale purge and trap procedures in order to combine Hg frommultiple combustion preparations,
to further remove matrix interferences, and to achieve the 1‐ to 5‐ng/g concentrations ideal for isotopic ana-
lysis at the University of Michigan (Demers et al., 2018). Purge and trap recovery of Hg from combustion
solutions was 97.4% (±1.2%, 1SD, n = 12). We also monitored the performance of the purge and trap system
with procedural blanks and procedural standards that were prepared in the same manner as samples. The
purge and trap procedural blank contained 0.02 ng of Hg, corresponding to <0.2% of Hg in final sample
solutions, on average. Purge and trap procedural standard recoveries were 94.2% and 103% for the 12 and
20 ng Hg standards, respectively.
Mercury isotope ratios were measured using a multiple collector inductively coupled plasma mass
spectrometer (Nu Plasma I, Nu Instruments) using continuous flow cold‐vapor generation via inline
SnCl2 reduction (Blum&Bergquist, 2007; Lauretta et al., 2001); additional details can be found in supporting
information (Text S1). We report isotopic compositions as per mil (‰) deviations from the average of NIST
SRM 3133 bracketing standards using delta notation:







where xxx is the mass of each Hg isotope between 199Hg and 204Hg. We use δ202Hg to report mass‐dependent
fractionation (MDF). Mass‐independent fractionation (MIF) is reported as the deviation of the isotope ratio
from the theoretically predicted values based on the kinetic MDF law and measured δ202Hg values (Blum &
Bergquist, 2007). MIF is reported in “capital delta” notation (ΔxxxHg) and is well approximated for small
ranges in delta values (≤10‰) by equation (2):
ΔxxxHg ‰ð Þ≈δxxxHg− δ202Hg×β  (2)
where xxx is the mass of each Hg isotope (199Hg, 200Hg, 201Hg, and 204Hg) and β is a constant (0.252, 0.502,
0.752, and 1.493, respectively) (Blum & Bergquist, 2007). We characterized the uncertainty of Hg isotope
measurements using a secondary standard (UM‐Almaden, equivalent to NIST RM 8610), as well as with pro-
cedural standards using reference materials (i.e., apple leaves and pine needles) (Text S1 and Table S1).
Overall, the measured isotopic composition of Hg in reference materials compared well with the
University of Michigan long‐term averages (Blum & Johnson, 2017) (Text S1 and Table S1).
2.4. Statistical Analysis
To determine if there were latitudinal differences in tree ring Hgmass and concentration, we employedmul-
tiple one‐way analysis of variance across the three regions (North, Central, and South) using Tukey's honest
significant difference criterion in Matlab (Mathworks, Natick, MA). Tree species may accumulate Hg at dif-
ferent rates, so we applied this test only on a species‐specific basis. This limits the sample size, and since
Tukey's honest significant difference criterion is known to be conservative when sample sizes differ (which
may be the case when rings for certain decades are present in some trees and not others), we used p < 0.10 as
the threshold to establish significance. Linear regressions to determine the strength and significance of the
relationship between tree growth rate and Hg concentration as well as Hg mass for each species were also
determined with Matlab, and we used p < 0.05 as the threshold to establish this significance. To assess
the slope of the relationship between Δ199Hg and Δ201Hg values, we utilized a widely used maximum like-
lihood regression technique (York et al., 2004) that accounts for analytical uncertainty associated with both
X and Y variables.
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3. Results
3.1. Tree Ages and Growth Rates
Ages of the sampled trees varied by species. Pitch pines were generally the youngest, with earliest rings typi-
cally between 1910 and 1930, shortly before the establishment of the Park. The oldest northern red oaks
dated as far back as the 1830s, while the oldest white oaks dated to 1803 and 1812 (Table S2). Mean growth
rates, determined for each of the 10‐year Hg analysis periods for each species (Figure S1), ranged from 0.56 to
2.82 cm per 10‐year increment. Prior to 1900, growth rates for the two species that were present (northern
red oak and white oak) were the lowest for the period of record, with means typically less than 1.0 cm per
decade. A clear increase in growth rates began for all species in the 1924–1933 period, with maximum rates
(mean above 2.0 cm per decade for all species) measured in the 1945–1953 period. The increase in growth
was likely caused by the release from competition/shading, which occurred after the demise of the
American Chestnut, Castanea denta, (Berish & Ragsdale, 1985), which occurred in the 1920–1930 time
frame within the region encompassing Shenandoah National Park (Gravatt, 1949). A return to moderate
growth rates (means range between 1 and 2 cm per decade) was evident by the late 1960s and was main-
tained thereafter for all species, in all regions.
3.2. Tree Ring Concentrations and Burdens
Elemental accumulation in tree rings is traditionally expressed in terms of mass fraction or the more
commonly used term, concentration (e.g., ng element per gram dry weight of core). Elemental burdens,
calculated by multiplying element concentrations by core mass per time increment (e.g., ng element per
temporal increment), have also been presented for trace metals (Baes & McLaughlin, 1984) and sulfur
(Frelich et al., 1989) as it is possible for concentration decreases to result from constant elemental accumula-
tion in larger annual rings (Berish & Ragsdale, 1985). Since it is somewhat ambiguous about which metric
may be most appropriate for documenting Hg accumulation, both Hg concentrations as well as burdens
(i.e., masses) are presented and evaluated.
Across all species, the average Hg concentration was 0.876 ng/g. Tree ring concentrations in individual cores
ranged from −0.539 to 4.427 ng/g (negative concentrations, although physically unrealistic, can result from
digestion blank subtraction). Pitch pine was found to have the highest overall concentrations (average of
1.305 ng/g, with a range from −0.539 to 4.427 ng/g), followed by N. red oak (average of 1.035 ng/g, with a
range from 0.242 to 4.007 ng/g; not statistically different than pitch pine), and then white oak (average of
0.461 ng/g, with a range from −0.263 to 1.862 ng/g). Hg concentrations were not significantly related to core
mass for pitch pine and N. red oak (p = 0.08 and 0.16, respectively, Figures S2a and S2c). However, Hg con-
centrations were negatively related to core mass for white oak (i.e., greater growth was associated with lower
concentrations; p = 0.02, Figure S2e).
In terms of Hg mass, the average 10‐year increment had a value of 0.195 ng across species, with a range from
−0.054 to 2.656 ng. Similar to the rank order of Hg concentrations, pitch pine was found to have the highest
Hg mass accumulation per 10‐year increment (average of 0.304 ng, with a range from−0.054 to 2.656 ng). N.
red oak was the next highest (average of 0.227 ng, with a range from 0.029 to 1.271 ng), followed by white oak
(average of 0.096 ng, with a range from −0.013 to 0.362 ng). Hg mass had a positive significant relationship
with core mass for all species (p < 0.0001 for both pitch pine and N. red oak, and p < 0.01 for white oak,
Figures S2b, S2d, and S2f).
Temporal variability in tree ring Hg concentrations exhibited some differences between species (Figures 2
(a), 2(c), and 2(e)). The highest concentrations of Hg in pitch pine were found in the earliest portions of their
record, from the 1930s to the 1950s (Figure 2(a)). This was also a time of relatively high concentrations in N.
red oak, although this was a secondary peak relative to the highest concentrations found in the most recent
decade (Figure 2(c)). White oak exhibited high variability in Hg concentrations during the 1890s to 1920s,
but overall, the trends were relatively subdued (Figure 2(e)). Meanwhile, temporal variability of Hg mass
(Figures 2(b), 2(d), and 2(f)) exhibited a primary peak for all species occurring during the 1924–1953 time
frame, with a secondary peak for both oak species over the last several decades. An alternative plot for
Figure 2, showing time series information for individual trees, is provided in the supporting
information (Figure S3).
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3.3. Mercury Isotopic Composition of Bole Wood
The Hg isotopic composition of bole wood samples is reported in full in Table S3 and is summarized in
Figures 3 and S5 and S6. Overall, tree ring Hg was characterized by negative δ202Hg values that varied by tree
species. Northern red oak bole wood δ202Hg values clustered tightly (−1.81‰ to 1.84‰± 0.06‰, 2SD), while
white oak δ202Hg values varied more widely (−1.66‰ to
−1.95‰ ± 0.06‰, 2SD), and pitch pine δ202Hg values were significantly
lower (−2.14 to −3.61‰ ± 0.06‰, 2SD). While there was no temporal
trend in the isotopic composition of red oak tree ring Hg, both white
oak and pitch pine bole wood shifted to relatively high δ202Hg values from
the pre‐1929 time frame through the modern era (Figure S5). This shift
toward isotopically lighter Hg in older tree ring samples coincided with
higher bole wood Hg concentrations (slope = −0.86 ± 0.12 (1SE),
r2 = 0.88, p < 0.001, n = 9). Most bole wood samples also displayed signif-
icant negative Δ199Hg values ranging from −0.14‰ to −0.39‰ (±0.05‰,
2SD), similar to atmospheric gaseous mercury, except for pitch pine from
the modern era, which had a Δ199Hg value of +0.25‰ ± 0.05‰ (2SD),
more similar to typical values for precipitation (Table S3) (e.g., Demers
et al., 2013; Demers et al., 2015; Enrico et al., 2016; Fu et al., 2016; Gratz
et al., 2010). A linear regression of Δ199Hg verses Δ201Hg for all bole wood
samples yielded a slope of 1.05 ± 0.05 (1SE), with the y intercept offset
from the origin (−0.15‰ ± 0.01‰, 1SE), consistent with photochemical
reduction processes (Blum et al., 2014) (Figure S6).
All bole wood samples had negative Δ200Hg values and positive Δ204Hg
values, most of which were significantly different from zero (Figure 5),
similar to even‐mass number MIF (hereafter, even‐mass MIF) observed
in atmospheric gaseous Hg (e.g., Demers et al., 2013; Enrico et al., 2016;
Figure 2. Box plot of tree ring mercury concentrations (ng/g), left column, and mercury mass (ng), right column,
in decadal increments for (a, b) pitch pine, (c, d) northern red oak, and (e, f) white oak. Sample sizes are noted above or
below each bar (maximum: 3 sites × 3 individuals/site = 9 core increments). Horizontal lines represent the median values,
boxes bound the 25th to 75th percentiles, whiskers extend to 1.5 times the interquartile range, and the “+” symbol
represent outliers. Dashed vertical lines denote sapwood‐heartwood boundary, identified by color change. The gray
shaded area represents period of active hg use at the DuPont plant in Waynesboro, Virginia.
Figure 3. Even‐mass number mass‐independent fractionation (even‐mass
MIF) in tree ring hg composites across all regions of Shenandoah
National Park. Symbols indicate time periods (pre‐1929, 1929–1950, and
1951–2014), and colors represent tree species (northern red oak, white oak,
and pitch pine). Analytical uncertainty (2σ) for individual data points is
based on analytical performance of within‐run UM‐Almaden and
procedural standards and is represented by the black cross hairs (see section
2 and text S1 for details).
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Gratz et al., 2010). On average, even‐mass MIF signatures were shifted closer to zero in tree rings from the
1929–1950 period coinciding with local industrial activity at the DuPont plant, relative to tree rings from
before 1929 and during the modern era (1951–2014) (Figure 3).
4. Discussion
4.1. Tree Ring hg Concentrations and Burdens
Tree ring Hg concentrations measured in Shenandoah National Park (from below detection to 4.4 ng/g) are
within the range of previously reported Hg concentrations in tree woody tissue, based on the literature
review of Wright et al. (2014) and subsequent studies. Concentrations are very similar to the mean concen-
trations measured in pine species in California and Nevada (0.4 to 5.8 ng/g) by Wright et al. (2014) and
Peckham et al. (2019) and white spruce in northwestern Canada (0.3 to 3.2 ng/g) by Clackett et al. (2018).
They were also similar to bulk bole wood concentrations in hardwood and conifer species in the northeast-
ern United States (0.4 to 2.8 ng/g) reported by Yang et al. (2018). Studies conducted in the immediate vicinity
of known industrial Hg sources have reported higher tree ring Hg concentrations than those measured in
SHEN. For example, Navratil et al. (2018) found elevated peaks in tree ring Hg concentrations near a gold
mine (14 ng/g), a chlor‐alkali plant (13 ng/g), and a smelter (38 ng/g) in the Czech Republic. Even higher
concentrations have been reported, such as the 13‐ to 644‐ng/g range reported for trees near water bodies
downstream of petrochemical plants and paper mills in southeastern Louisiana (Becnel et al., 2004).
In SHEN, higher Hg concentrations were found in pitch pine compared with N. red oak and white oak. This
is consistent with the findings of Obrist et al. (2012), who measured woody tissue Hg concentrations and
reported higher values in a coniferous forest compared with an adjacent deciduous forest that experienced
approximately the same Hg deposition. Possible reasons for these differences (e.g., tree morphology, leaf
physiology, or foliar phenology) remain speculative. It should be noted, however, that it is not always the
case that Hg concentrations in conifers are higher than in deciduous species, as Yang et al. (2018) found that
bole wood Hg concentrations in yellow birch tended to equal or exceed the concentrations in nearby spruce,
pine, and fir trees.
The lack of a significant relationship between Hg concentration and core mass for pitch pine and N. red oak
indicates that greater radial growth does not dilute Hg (or less growth does not concentrate Hg), whichmight
imply that Hg concentration is an appropriate metric to evaluate trends for those species. In contrast, Hg
concentration in white oaks had a significant, negative relationship with tree coremass, which indicates that
greater radial growth may have diluted Hg in that species (although the variability explained was small;
r2 = 0.04, Figure S2e). As a note of caution, such inferences would hold only if the ambient atmospheric
mercury concentrations were stationary throughout the period of analysis. And since it is our goal to
leverage the archived tree ring Hg to estimate howHg exposure has changed over time, this introduces some
logical circularity in using correlation analysis to evaluate the potential for biodilution or bioconcentration.
Another issue that could compound the difficulty in interpreting these correlations is one of multicollinear-
ity (e.g., the timing of peak growth may happen to correspond with the timing of peak Hg exposure). The
significant positive relationship between Hg mass and tree growth for all tree species suggests that Hg mass,
as a metric, may be biased by degree of tree growth. Indeed, since foliar uptake is the dominant pathway for
Hg accumulation in tree wood (Arnold et al., 2018), photosynthetic processes regulating tree productivity are
inherently intertwined with the processes regulating Hg uptake and translocation. This does not necessarily
mean, however, that the amount of Hg accumulation in tree rings scales linearly with growth. If biodilution
were to occur, then Hg mass could be a better metric for documenting historical Hg exposure. For this rea-
son, we consider both metrics and place emphasis on the tree species for which both Hg concentration and
Hg mass have similar temporal trends.
Tree species were selected for sampling based on their common ridgetop presence over the entirety of SHEN.
The uniqueness of their physiologies should be noted with respect to the potential for tree ring Hg accumu-
lation. For example, the degree of tylosis, which occurs during the sapwood‐heartwood transformation, is
greater in white oak than in red oak. This process, which is associated with lower water content in wood ves-
sels, has been cited as a reason that white oak may be a more reliable option for dendrochemistry studies
(Cutter & Guyette, 1993). Also, the number of rings in sapwood is much greater in pitch pine compared
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with the hardwood species (Figure 2). Since radial permeability is
enhanced in sapwood, this may contribute to reduced temporal precision
in the elemental concentrations measured in this region (Cutter &
Guyette, 1993). The highest Hg concentrations in pitch pine were found
on the heartwood side of the heartwood‐sapwood boundary (Figures 2
(a) and 2(b)), but it is unclear to what extent, if any, this boundary might
have had on these measured concentrations. In another study conducted
using Pinus species, Wright et al. (2014) found higher Hg concentrations
in the sapwood relative to the heartwood, so there does not appear to be
directional consistency in any radial translocation across this boundary.
Factors associated with the disparate tree physiologies should be taken
into consideration when interpreting time series on a species‐specific
basis (Figure 2) or in aggregate form (Figures 4(a) and 4(b)).
4.2. Temporal Trends in Tree Ring hg Accumulation
A limited number of prior studies have used dendrochemistry to estimate
historical levels of ambient atmospheric Hg. For studies that were con-
ducted in the absence of known local sources, trends in tree ring Hg have
generally shown gradual increases since the time of the Industrial
Revolution (Clackett et al., 2018; Peckham et al., 2019; Wright et al.,
2014). Such behavior might be expected in Shenandoah National Park,
but similar trends were not observed (Figure 2). This is somewhat surpris-
ing, given that modern rates of Hg deposition (Hg0 + Hg2+) in the south-
eastern United States are approximately 3 times higher than in western
North America (Corbitt et al., 2011), where the other studies were con-
ducted. On the other hand, no other measured environmental parameters
in SHEN (atmospheric, biological, terrestrial, or aqueous) have been
found to have particularly elevated Hg concentrations relative to other
U.S. locations. Most notable from the observed time series (Figure 2), with
some degree of consistency between species, is that trees exhibited peaks
in Hg accumulation near the middle of the twentieth century.
The development of a composite curve allows for the identification of tem-
poral trends across species. Since species accumulate Hg at different rates,
we normalize the values for each species by their minimum and maxi-
mum decadal values such that they span the range [0 to 1]. The composite
curve for Hg concentration (Figure 4(a)) includes several decades with
large variance between species in the early portion of the time series.
The highest mean values were found in the 1934–1943 and 2004–2013
decadal increments. The composite curve for Hg mass in decadal
increments indicates subtly increasing tree ring Hg accumulation
beginning just after the turn of the century, with a clear peak during the
1930s through 1950s (Figure 4(b)). This raises questions about what
regional‐ to global‐scale drivers could potentially contribute to these
observed trends.
Estimates of global atmospheric Hg concentrations have been made by Horowitz et al. (2014) based on
worldwide emission inventories coupled with a global biogeochemical model (Figure 4(c)). Although there
is a small peak in atmospheric Hg concentrations during the 1940s, which Horowitz et al. (2014) attribute to
chemical production for munitions during World War II, global atmospheric Hg concentrations at this time
were lower than the peak reached over more recent decades. Composite Hg trends do indicate higher Hg
accumulation in SHEN trees over recent decades, but a much larger peak is apparent during the 1930s
through 1950s. A regional‐scale candidate for the observed behavior is the burning of fossil fuels fromwithin
the SHEN airshed, which extends into the industrial midwestern region of the United States. However, the
pattern of Hg accumulation in SHEN trees does not appear to be consistent with U.S. bituminous coal
Figure 4. Temporal variability in a normalized composite mean hg
concentration by decadal interval for the three tree species, b normalized
composite mean hg mass by decadal interval for the three tree species, c
modeled global atmospheric hg concentration after Horowitz et al. (2014), d
bituminous coal production in the United States (1921–1945 data, United
States Bureau of the Census, 1949; 1945–2011 data, U.S. Department of
Energy, 2011), e area burned by forest fires in SHEN (1930–1989 data,
ShenandoahNational Park ResourceManagement Records, catalog number
SHEN 47033, fire atlas 1930–1989; 1990 to present data, D. Hurlbert NPS,
personal communication, 2016), and f annual palmer drought severity index
(PDSI) for Virginia, region 3 (NOAA, 2016).
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production alone (Figure 4(d)), which has a trend similar to that of global atmospheric Hg concentrations.
One difference is that U.S. bituminous coal production has decreased since 1990 (U.S. EIA, 2012), whereas
global atmospheric Hg concentrations have continued to rise, reflecting increased Hg emissions from devel-
oping countries. The inconsistency between the SHEN tree ring Hg time series and global/regional trends
suggests that other, perhaps, local factors may have contributed to the observed peak during the 1930s
to 1950s.
Forest fires are known to volatilize and redeposit Hg on a local to regional basis (Burke et al., 2010; Engle
et al., 2006; Friedli et al., 2003; Witt et al., 2009). Data from SHEN reveal large areas burned by wildfire in
1930 (Figure 4(e)), which followed a multiyear drought, as measured by the Palmer Drought Severity
Index (Figure 4(f)). The impact from wildfire is not identifiable, however, since even more expansive wild-
fires in the late 1990s did not result in similar, concomitant increases in tree core Hg accumulation.
Climate variability itself could be a potential factor in influencing both the Hg mass and Hg concentration
in tree rings. However, climate is also not a leading candidate, since the tree ring Hg peak is not associated
with any obvious decadal‐scale climate anomalies (Figure 4(f)).
4.3. A Potential Local Source
A known source of Hg pollution in the region is related to the use of mercuric sulfate in the production of
Rayon between 1929 and 1950 at the E. I. DuPont de Nemours (DuPont) plant in Waynesboro, VA, located
at the southern end of SHEN (Figure 1). Elemental and ionic Hg were released directly into the South River
and into the floodplain soils near the plant. In 1984, DuPont agreed to fund a 100‐year monitoring program,
which has since supported research (e.g., over 100 peer reviewed publications available at http://southrivers-
cienceteam.org/resources/journal‐articles/) and the development of remedial strategies for on‐site and
down‐river Hg contamination. Whether or not the Hg used at this industrial site could have escaped to
the atmosphere has never been fully investigated. According to a representative from DuPont (M.
Liberati, personal communication, 16 February 2016), a closed retort furnace that was used in the catalysis
process captured and recycled about 99% of the Hg, while the remaining organic‐bound Hg was disposed in
the form of sludge. Indeed, there is incentive to minimize fugitive Hg emissions, since almost all of the
collected Hg could be reused. However, the technology used at the time may have been inadequate in pre-
venting such losses. Of note, a 1942 patent for a retort furnace specifically referred to an improved design to
capture Hg gas, “whereby the escape of unhealthful, noxious vapors from the apparatus will be eliminated”
(U.S. Patent #2273929 A).
The alignment of the SHEN tree ring Hg peak with the timing of Hg use at the Waynesboro DuPont plant
(gray shaded areas in Figure 2) may be coincidental or it may point to a previously undocumented local
source. As suggested by Peckham et al. (2019), spatial trends in tree ring Hg concentrations can be used to
detect spatial trends in atmospheric Hg availability.
Focusing on the time frame where there appears to be a primary peak in Hg accumulation (1924–1953), we
look for latitudinal trends of tree ring Hg within SHEN (Figure 5). During this period, Hg concentrations in
pitch pine (Figure 5(a)) and N. red oak (Figure 5(c)) increased in a north‐to‐south direction (i.e., they were
found to be higher in the southern portion of the Park, in the vicinity of Waynesboro). For both species, Hg
concentrations were significantly higher in the southern region compared with the northern region of the
Park (p < 0.1). This latitudinal gradient was not as obvious for white oak, which had the lowest Hg concen-
trations (Figure 5(e)). The southern site was found to be significantly higher than the central site, but it was
not significantly different from the northern site. In terms of Hg mass, N. red oak had significantly higher
levels in the southern region of the Park (Figure 5(d)), but no significant differences were found for pitch
pine (Figure 5(b)) and white oak (Figure 5(f)) along the latitudinal gradient. Overall, however, the latitudinal
analysis does provide some evidence of Hg enrichment in the southern region of SHEN, which diminishes to
the north.
While it is reasonable to expect that smokestack emissions in Waynesboro could enhance deposition in the
nearby mountains, it is less clear if emissions could potentially impact the sites further to the north. An ana-
lysis of contemporary (2008–2011) wind data from an airport near Waynesboro shows that the dominant
wind direction is parallel with the orientation of the Blue Ridge Mountains (Figure S4). Results from the
Hybrid Single‐Particle Lagrangian Integrated Trajectory (HYSPLIT) model (Draxler & Hess, Sept., 2014)
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(see Text S2 for more details) for randomly selected days when the wind was coming from this dominant
direction indicate that neutrally buoyant emissions from Waynesboro could potentially impact the central
and northern sites, albeit to a lesser extent than the southern site (Figure S4). This is consistent with the
latitudinal gradient of Hg observed in tree rings.
4.4. Mercury Isotopes in Tree Rings
4.4.1. Tree Rings as Temporal Records of Atmospheric hg Isotopic Composition
Mercury isotopes can be used to differentiate between sources of atmospheric Hg. Relative MDF signatures
(δ202Hg values) are useful for evaluating the influence of background versus anthropogenic atmospheric Hg
sources. Background atmospheric gaseous Hg is characterized by relatively heavy Hg isotope signatures
(high δ202Hg values), whereas anthropogenic influences typically drive δ202Hg to relatively low values
(Demers et al., 2015; Fu et al., 2014; Fu et al., 2016; Gratz et al., 2010; Yu et al., 2016). Odd‐mass MIF is
particularly useful for differentiating between precipitation sources characterized by positive Δ199Hg (and
Δ201Hg) values and atmospheric gaseous Hg sources characterized by negative Δ199Hg (and Δ201Hg), predo-
minantly resulting from photochemical processes, as reviewed by Blum et al. (2014). Even‐mass MIF
(Δ200Hg and Δ204Hg) also can be used to distinguish between precipitation and atmospheric gaseous Hg
Figure 5. Latitudinal trends in (a, c, and e) mercury concentration and (b, d, and f) mercury mass for 10‐year tree core
increments during the 1924–1953 time frame, covering the period of active hg use at the DuPont plant in Waynesboro.
Bar plots show means and standard errors. Sample sizes are noted within each bar (maximum: 3 individuals × 3 decadal
core increments/individual = 9 core increments).
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sources, with atmospheric gaseous Hg having small negative Δ200Hg and positive Δ204Hg values, opposite in
sign but complementary to precipitation signatures (Demers et al., 2013; Gratz et al., 2010). Additionally,
even‐mass MIF signatures can be utilized to identify emissions stemming from industrial use of elemental
Hg(0), which would typically have little to no even‐MIF signature (Sun et al., 2016), as even‐mass MIF
anomalies are thought to be produced exclusively in the upper atmosphere during oxidation reactions fol-
lowed by scavenging of oxidized species onto droplets or particles (Chen et al., 2012; Sun et al., 2016).
Thus, even‐mass MIF acts as a more conservative tracer of atmospheric Hg as it moves into the terrestrial
environment, whereas nearly all kinetic reactions involving Hg result in MDF with the products being iso-
topically lighter (lower δ202Hg values) and the residual reactant pool becoming isotopically heavier (higher
δ202Hg values) (Blum et al., 2014). Notably, atmospheric gaseous Hg isotopes undergo strong MDF during
foliar uptake, resulting in −2.3‰ to −2.9‰ shifts in δ202Hg values (Demers et al., 2013; Enrico et al., 2016).
The isotopic composition of Hg in tree rings from the modern era (1951–2014) in both deciduous and con-
iferous species in this study is broadly similar to the Hg isotopic composition typically observed in North
American foliage (Demers et al., 2013; Olson et al., 2019; Woerndle et al., 2018; Zheng et al., 2016)
(Figure S5 and Tables S3 and S4). This is consistent with bole wood Hg being derived predominantly from
atmospheric gaseous Hg that accumulates in foliage and is subsequently translocated downward via the
phloem (e.g., Arnold et al., 2018). However, our analyses also revealed colocated species‐specific differences
in bole wood δ202Hg values (Table S3 and Figure S5), similar to the widely varying δ202Hg values in foliage
across the world (Table S4). Broadleaf deciduous species have been shown to have δ202Hg values that range
from −1.12 ± 0.06‰ to −2.05 ± 0.35‰ (1SD), whereas there is some evidence that Hg accumulated in con-
iferous species tends to be isotopically lighter, with δ202Hg values ranging from −1.53‰ ± 0.06‰ to
−2.72 ± 0.25‰ (1SD) (Demers et al., 2013; Enrico et al., 2016; Liu et al., 2019; Olson et al., 2019;
Woerndle et al., 2018; Zheng et al., 2016). This is consistent with the lower δ202Hg values observed in con-
iferous pitch pine bole wood relative to the broadleaf deciduous oaks in this study (Figure S5 and Table
S3). Thus, it is plausible that there are species‐specific differences in MDF of atmospheric Hg during foliar
uptake, possibly due to differences in the organic ligands that bind Hg within the stomatal cavity, as ligand
chemistry has been shown to affect fractionation during other processes (e.g., Zheng & Hintelmann, 2010).
Taken together, species‐specific differences in isotopic fractionation during foliar uptake may account for
some of the differences in colocated species‐specific bole wood Hg isotopic composition in this study.
Species‐specific differences in bole wood Hg isotopic composition could also result from differences in atmo-
spheric Hg sources to which individual tree species are exposed. Atmospheric total gaseous Hg (TGM) sig-
natures can vary by as much as 1‰, or more, at individual locations over daily, monthly, or seasonal
timescales as TGM sources change with prevailing meteorological conditions (e.g., Demers et al., 2013; Fu
et al., 2016; Gratz et al., 2010; Yu et al., 2016). Anthropogenic sources drive the composition of atmospheric
TGM toward lighter δ202Hg values (Demers et al., 2015; Fu et al., 2016; Gratz et al., 2010; Yu et al., 2016),
which would be translated into relatively light δ202Hg during fractionation during foliar uptake (Demers
et al., 2013; Enrico et al., 2016). Although colocated tree species would be exposed to similar sources of
TGM at any given time, their effective exposures could differ due to differences in stomatal conductance
and seasonality of photosynthesis or their propensity for nonstomatal (cuticular) uptake, as observed in
Populous tremuloides (Arnold et al., 2018; Stamenkovic & Gustin, 2009). For example, temperate coniferous
evergreen species generally have lower photosynthetic rates but can be photosynthetically active throughout
the year (e.g., Nippert et al., 2004). Thus, evergreen species likely incorporate TGM during the fall, winter,
and early spring when deciduous species are leafless, and this year‐round exposure could further influence
foliar and bole wood Hg isotopic composition. Specifically, in temperate regions, heating demands during
winter increase Hg(0) emissions related to coal combustion (Jiskra et al., 2018; Temme et al., 2007;
Weigelt et al., 2015), which would drive atmospheric Hg(0) to lower δ202Hg values (e.g., Sun, 2019). Late
season and winter uptake of atmospheric Hg by evergreen species would likely accumulate isotopically
lighter Hg than foliar uptake during the peak growing season, on average. Thus, differences in seasonal
exposure could further lead to lower δ202Hg values reported in the literature for coniferous foliage and
observed during this study in pitch pine bole wood.
Tree anatomy and physiology may also influence the MDF signatures of Hg isotopes in tree rings. The
mechanisms underlying Hg translocation downward through the phloem, phloem‐to‐xylem lateral
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transport, and subsequent potential radial translocation through sapwood rings and/or heartwood may also
differ by tree species (e.g., Cutter & Guyette, 1993) and has not been studied. Whether these processes induce
any MDF of Hg isotopes (subsequent to foliar uptake) likely depends on whether translocation processes
involving Hg are accomplished by physical mass transfer, diffusion, or if Hg‐associated sulfur‐bearing com-
pounds are chemically altered during transport and thus provide opportunities for fractionation during
exchange of Hg among binding sites.
Despite the potential complexities of MDF associated with foliar uptake, resorption, and translocation,
δ202Hg values in tree rings have the potential to track relative changes in the isotopic composition of
atmospheric gaseous Hg and to lend insight into spatial and temporal shifts in sources of Hg emissions to
the atmosphere. Given the apparent species‐specific differences in MDF during foliar uptake, as well as
potential differences in fractionation during translocation, species‐specific approaches using tree rings to
quantify relative changes in atmospheric Hg isotopic composition are likely advisable. Moreover, deciduous
tree species may better reflect growing season atmospheric Hg concentrations and isotopic composition,
while evergreen species may better reflect mean annual averages.
4.4.2. Mercury Isotopic Evidence of a Local Source
Mercury isotopes have previously been used to differentiate contributions of anthropogenic versus back-
ground sources of Hg in stream sediments (Donovan et al., 2014; Washburn et al., 2017, 2018), lake sedi-
ments (Cooke et al., 2013; Gray et al., 2015; Guédron et al., 2016; Kurz et al., 2019; Ma et al., 2013), and
peat bogs (Enrico et al., 2016; Enrico et al., 2017). In this study, dendrochronological tree ring Hg isotopic
composition provides evidence that SHEN trees have been impacted by regional anthropogenic and local
industrial Hg emissions, particularly during the 1930s to 1950s in conjunction with activities at the
DuPont plant. Notably, Hg released to downstream sediment and surface waters from the DuPont plant
has been found to be isotopically distinct from regional background sources (Washburn et al., 2017, 2018).
High‐concentration sediment (3 to 65 μg/g) reflecting this industrial source of Hg was found to have
δ202Hg values (−0.63 ± 0.03‰, 1SD) (Washburn et al., 2017) similar to that of bulk mercury ores
(−0.56 ± 0.63‰ δ202Hg, 1SD) (Smith et al., 2008; Yin et al., 2013) and average commercial sources of liquid
elemental Hg(0) (−0.38 ± 0.34‰ δ202Hg, 1SD) (Sun, Streets, et al., 2016), with no discernable odd‐mass or
even‐mass MIF. Mercury laden sludge produced during manufacturing at the DuPont plant was retorted
on site to recover Hg for reuse (Carter, 1977; URS Corporation, 2015). Laboratory experiments have shown
that the retorting process results in MDF only, releasing gaseous Hg(0) that is isotopically lighter than the
initial feed stocks by as much as −0.8‰ δ202Hg, on average (Gray et al., 2013). This suggests that fugitive
Hg(0) emissions from the DuPont retorting facility would have been in the vicinity of −1.4‰ δ202Hg with
no MIF, prior to foliar uptake.
Tree ring Hg isotopic composition suggests that a local industrial source of atmospheric Hg contributed to
peaks in tree ring Hg mass and concentration during the DuPont era (1929–1950). The exclusively positive
Δ204Hg values in conjunction with the exclusively negative Δ200Hg values (Figure 3) reflect a predominance
of tree ring Hg derived from atmospheric gaseous sources, consistent with foliar uptake. Mercury emitted to
the atmosphere from local industrial sources, as described above for the DuPont plant, would have near‐zero
even‐mass MIF values and would therefore plot near the origin in Figure 3. Meanwhile, Hg from the global
atmospheric Hg reservoir would have longer atmospheric residence times and greater exposure to the upper
atmosphere, which would result in more pronounced anomalies. We see that during the 1929–1950 time
period, when Hg was being used at the DuPont plant, all tree species had even‐mass MIF values that were
closer to 0, suggesting that a greater portion of the Hg that accumulated in tree rings during this era was
derived from a local industrial source.
5. Concluding Remarks
Previous studies that have quantified Hg in tree rings have either documented post‐Industrial Revolution
increases corresponding with gradually increasing Hg concentrations in the atmosphere (Clackett et al.,
2018; Peckham et al., 2019; Wright et al., 2014) or peaks in tree ring Hg corresponding with the timing of
local industrial sources (Hojdová et al., 2011; Maillard et al., 2016; Navratil et al., 2017; Navratil et al.,
2018). The present study differs in that the main feature of the measured tree ring Hg time series derives
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from a previously unidentified source. Thus, the application of Hg dendrochemistry described here depicts
an unanticipated outcome and serves the purpose of hypothesis generation.
Temporal correspondence between the observed peaks in tree ring Hg accumulation and industrial Hg use at
the DuPont plant in Waynesboro (Figure 2) provides some circumstantial evidence that they may be related.
However, uneven responses in Hg accumulation with respect to tree species and coinciding enhanced
growth rates associated with release from the chestnut blight (Figure S1) add some complexity to this assess-
ment. Nevertheless, it is likely that any gaseous Hg released from Waynesboro would have been advected
along SHEN (Figure S4), and latitudinal gradients in tree ring Hg (Figure 5) suggest that enhanced ambient
Hg levels were present toward the southern end of the Park. Mercury isotopes provide complementary evi-
dence that the Hg that accumulated in tree rings during the 1929–1950 time frame was significantly augmen-
ted by local industrial emissions (Figure 3). While this collective evidence may be compelling, additional
information would be needed to more confidently attribute the observed SHEN tree ring Hg peak to Hg
use at the DuPont plant (e.g., evaluation of Hg in pond sediment cores downwind from the plant). These
findings do, however, raise questions about whether the contamination associated with this industrial site
was limited to aqueous releases as previously assumed. Whereas research and remediation efforts have here-
tofore focused on acute Hg contamination within the flood plain and river, atmospheric transport may have
dispersed Hg over a much larger geographical region.
This study represents the first attempt to use dendrochemistry to infer historical Hg exposure in an eastern
U.S. forest. Considering that the eastern U.S. and in particular the Central Appalachians are subjected to
high levels of Hg deposition relative to other parts of North America based on recent model results (e.g.,
Corbitt et al., 2011), information derived from tree rings can potentially provide important historical context
for this region. Tree cores collected at other locations in the eastern United States might provide clearer
signals of regional‐ to global‐scale impacts if they are devoid of the local influences that were likely present
in the current study. Also, the use of Hg isotopes for dendrochemical analysis is introduced here, which has
the potential to develop into a powerful tool for differentiating local, regional, and global sources of
atmospheric Hg that impact ecosystems over the historical record.
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